1. Introduction {#sec1}
===============

The design of conventional wastewater treatment plants (WWTPs) is considered inefficient for the removal of organic contaminants present in wastewater. In particular, polar organic contaminants such as pharmaceuticals and personal care products tend to be only partially removed or pass the treatment process unchanged,^[@ref1]^ leading to the discharge of a complex mixture of substances into surface waters. Hyporheic zones, which form the water-saturated flow-through sediments of rivers, are often considered the last line of defense for preventing wastewater-derived organic contaminants from reaching near-surface aquifers that are used for drinking water production. Moreover, hyporheic zones are adjudged an essential role in the self-purification of streams, as the interplay of complex physical, chemical, and biological processes creates ideal conditions for organic matter decomposition, nutrient cycling, and biotransformation of contaminants.^[@ref2],[@ref3]^ The sediments provide a large surface area for biofilms with diverse microbial communities, which contribute substantially to global biogeochemical fluxes.^[@ref4]^ Fungi and other microeukaryotes are part of the microbial community in streams, although rare relative to bacteria, and potentially contribute to biodegradation processes. Eukaryotic algae may form biofilms together with bacteria in the benthic zone; however, their occurrence in sediments is highly limited by the low availability of light. Archaea likewise represent only a minor fraction of the stream bed microbial community and are restricted to specialized niches in the hyporheic zone. Thus, it is not surprising that hyporheic zone biofilms are dominated by bacteria.^[@ref4]−[@ref6]^ The varying redox conditions along many hyporheic flowpaths render the hyporheic zone an efficient (bio)reactor for a multitude of transformation processes. This is why compounds that are particularly sensitive to certain redox conditions are expected to degrade faster in an environment that promotes hyporheic exchange, ideally enabled by a broad distribution of hyporheic residence times.^[@ref3],[@ref7]^

Despite a growing number of studies in both the laboratory^[@ref8]−[@ref11]^ and field^[@ref12]−[@ref14]^ highlighting the important role of sediments in the degradation of contaminants, few studies have focused on processes occurring in hyporheic zones^[@ref2],[@ref3],[@ref15]−[@ref18]^ and even fewer on transformation products (TPs) formed in hyporheic zones. TPs may be more biologically active,^[@ref19],[@ref20]^ persistent,^[@ref21],[@ref22]^ mobile,^[@ref23]^ and abundant^[@ref24]^ in the environment in comparison to the corresponding parent, yet they are often overlooked due to a lack of reference standards. With the emergence of suspect and nontarget screening workflows employing high-resolution mass spectrometry, tentative identification of suspected or unknown TPs without the use of reference standards is possible.^[@ref25],[@ref26]^ However, few studies have made use of suspect^[@ref18]^ or nontarget^[@ref27]^ approaches to study the occurrence or biodegradation of contaminants in hyporheic zones. This is an important area of investigation, since biodegradation is considered more efficient in hyporheic zones than in WWTPs, owing to longer residence times^[@ref27]^ and higher microbial diversity in hyporheic zones,^[@ref15]^ which ultimately may increase adaptation and metabolic process rates.^[@ref28]^ Moreover, hyporheic exchange flows (HEFs) facilitate contact between contaminants in surface water and potential microbial degraders. HEF as a function of hydraulic conductivity and sediment morphology,^[@ref29]^ together with the resident microbial community structure (especially diversity)^[@ref30]^ are therefore potential key controls of the fate of organic contaminants in lotic aquatic environments. Although long hypothesized, such links were never systematically addressed.

The goal of this study was to evaluate the influence of bacterial taxonomic diversity and HEF on the dissipation half-lives (DT50s) of organic contaminants detected in surface waters and the associated formation of TPs. The experiment was performed following a central composite face factorial design using 20 flume mesocosms, as reported elsewhere.^[@ref31]^ We used taxonomic diversity as a proxy for biodegradation capacity due to limited information on the functional diversity of most bacterial pollutant degraders and considering the reported positive correlation between taxonomic and functional diversity.^[@ref32]^ The taxonomic diversity in the sediment used in the flume study was manipulated by mixing sterilized sand with a sediment inoculum from the wastewater-impacted river Erpe in Berlin by a dilution to extinction approach.^[@ref32]^ HEF was manipulated by varying the number of sediment bedforms. Thirty-one common organic contaminants found in WWTP effluents were selected, and their dissipation together with the formation of TPs was followed using LC coupled to (high-resolution) mass spectrometry. Time-resolved high-throughput sequence analysis was applied to characterize the biodiversity and identify potential key bacteria driving biotransformation.

2. Materials and Methods {#sec2}
========================

Test compounds were selected on the basis of their occurrence at the wastewater-impacted River Erpe (i.e., the location of sediment inoculum collection),^[@ref33]^ frequent detection in aquatic environments, a wide range of physicochemical properties with the majority of compounds being polar ([SI.A](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf)), and diverse dissipation behaviors (from fast degrading to persistent).^[@ref8],[@ref11]^ The 31 test substances (along with their abbreviations) are as follows: ACS, acesulfame; AMI, amisulpride; ATE, atenolol; BENP, benproperine; BEZ, bezafibrate; BNZ, benzotriazole; CBZ, carbamazepine; CEL, celiprolol; CFA, clofibric acid; CIT, citalopram; DIC, diclofenac; FLEC, flecainide; FLX, fluoxetine; FUR, furosemide; GEM, gemfibrozil; HCTZ, hydrochlorothiazide; IBU, ibuprofen; IRB, irbesartan; KET, ketoprofen; METF, metformin; METP, metoprolol; MTX, metaxalone; NPX, naproxen; PAR, paracetamol (3-acetamidophenol); PROP, propranolol; SIT, sitagliptin; SMX, sulfamethoxazole; SOT, sotalol; SUL, sulpiride; VAL, valsartan; VEN, venlafaxine. ACS and CBZ were previously reported along with details of the experimental design and methods^[@ref31]^ and are included here for comparative purposes along with unpublished data on their TPs. Target TPs are denoted by a three-letter code preceded by "TP", suspect TPs by their nominal mass preceded by "sTP" ([Table SI.A-3](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf)). Further information on standards, and other chemicals used for fortification and chemical analysis are provided in [section SI.A](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf) in the Supporting Information.

2.1. Experimental Design, Background Parameters, and Sampling Details {#sec2.1}
---------------------------------------------------------------------

The experiment was based on a central composite face factorial design and used 20 circulating flume mesocosms (2 × 0.4 m) simulating different river conditions. Fundamentals of the flume experimental design can be found elsewhere.^[@ref27]^ In brief, the sediment volume was 20 L per flume covered with 60 L deionized water (ReAgent Chemicals, Cheshire, England) and every flume was equipped with a pump (NWA 1.6 adj 2.6 W, Newa Wave Industria, Loreggia, Italy) to establish a surface water flow velocity of ca. 0.08 m s^--1^ similar to the River Erpe (0.05--0.3 m s^--1^),^[@ref33]^ from which natural sediment inoculum was obtained (details are given in ref ([@ref31])). Nutrients, such as phosphate and ammonium, and other solutes (inorganic ions in mg L^--1^ range and organic and inorganic micronutrients in μg L^--1^ range (Table S1 in ref ([@ref31])) were added, resembling concentrations and composition in the natural River Erpe).^[@ref33]^ Two experimental variables (i.e., HEF and bacterial diversity) at three levels each were studied: flume sediments consisted of baked sand (reduced biological activity) inoculated with three different amounts of biologically active sediment collected from the River Erpe, which receives high loads of treated wastewater.^[@ref33]^ The approach was based on the dilution to extinction principle: i.e., the least abundant species in a preceding community were eliminated through sequential dilution, resulting in a less diverse community in comparison to the original community.^[@ref32]^ The level of bacterial diversity was thus expected to decrease in the order S1 (1:10 sediment:sand) \> S3 (1:10^3^ sediment:sand) \> S6 (1:10^6^ sediment:sand). Additionally, the sediment morphology in the flumes was manipulated at three levels to induce different intensities of HEF by varying the number of bedforms ([section SI.B](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf)).^[@ref34]^ The level of HEF decreased in the order B6 (three bedforms on each side of the flume) \> B3 (three bedforms on one side) \> B0 (no bedforms). The number of flumes per treatment combination (S and B) in the experimental design was as follows: S1 + B6:2, S3 + B6:2, S6 + B6:2, S1 + B3:2, S3 + B3:4, S6 + B3:2, S1 + B0:2, S3 + B0:2, S6 + B0:2 ([Figure SI.B-1](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf)). After 12 days of preincubation, the flumes were fortified with 10 μg L^--1^ of each of the 31 test compounds. Many test compounds were found with similar concentrations in the river Erpe, which we aimed to simulate,^[@ref17],[@ref33]^ but also in other streams or WWTP effluents.^[@ref3],[@ref35],[@ref36]^ Two unamended flumes (S3 + B3) were included as biotic controls and served as a reference for the effect of test compounds on taxa in amended flumes. Surface and pore water were sampled prior to fortification and thereafter on days 1, 2, 3, 7, 14, 21, 28, 42, 47, 56, and 78. Sediment was collected before fortification and after 21 and 56 days. Pore water samplers were installed during bedform formation (details in [section SI.B](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf)). Two former studies provided experimental^[@ref31]^ and modeled^[@ref34]^ evidence that (a) the two variables, HEF and bacterial diversity, were successfully manipulated at three levels in the central composite face factorial design setup, (b) sediment dilutions translated into different levels of bacterial diversity at a similar bacterial biomass, and (c) HEF increased in the presence of bedforms.

2.2. Chemical Analysis {#sec2.2}
----------------------

A total of 242 surface water, 272 pore water, and 72 sediment samples were collected. Water samples were split and analyzed at Stockholm University and the Swiss Federal Institute of Aquatic Science and Technology (Eawag) using direct injection reversed-phase ultrahigh-performance liquid chromatography electrospray ionization triple quadrupole tandem mass spectrometry (RP-UHPLC-ESI-QqQ)^[@ref17]^ and direct injection reversed-phase liquid chromatography electrospray ionization high-resolution tandem mass spectrometry (RP-LC-ESI-HRMS/MS) ([sections SI.C--SI.F](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf)), respectively. If a target analyte was included in both methods, the data were pooled ([section SI.K.a](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf)). The two independent analyses increased the analytical robustness and extended the analyte range. QA/QC information, a method comparison and background concentrations are provided in [section SI.F](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf). Concentration time trends of target TPs and signal time trends of suspect TPs were investigated visually, and the frequency of target TPs was determined statistically using MetaboAnalyst 3.0.^[@ref37]^ Two-way hierarchical clustering was performed using Euclidean distance as a measure of similarity and clustering using Ward's linkage. The use of HRMS allowed for the screening of suspected biotransformation products, which was conducted with Compound Discoverer (version 2.1, Thermo Scientific; see [section SI.C.d](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf)). Suspect TPs can be found in [Table SI.M-22](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf) and [section SI.O](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf) together with the confidence level of identification.^[@ref38]^

2.3. Response Surface Model {#sec2.3}
---------------------------

Concentrations for a given compound were normalized by dividing by the concentration at *t* = 0 (i.e., *c*/*c*~i~) prior to averaging values produced by Stockholm University and Eawag. Compounds measured by one method (i.e., Stockholm University or Eawag) were treated in the same manner except for the averaging step. The normalized averaged concentrations of each compound and flume were then fitted to a first-order kinetic degradation curve using the *mkin* package^[@ref39]^ in R.^[@ref40]^ If a lag phase was observed (i.e., an initial period with increase in concentrations or static initial concentrations followed by a degradation phase), the lag-phase time points were removed prior to curve fitting. A two-tailed *t* test was used to assess if the first-order kinetic constant was significantly different from zero (*p* ≤ 0.05), and thereafter DT50s were calculated. For compounds with DT50s for all 20 flumes in the central composite face factorial design, DT50s were used to fit the Response Surface Model (*rsm* package version 2.10^[@ref41]^ in R^[@ref40]^) with bedforms and sediment dilution as coded variables: DT50 = β~0~ + β~1~*S* + β~2~*B* + β~3~*S*·*B* + β~4~*S*^2^ + β~5~*B*^2^ + ε (with β~1~ and β~2~ as first order, β~4~ and β~5~ as second order, and β~3~ as interaction terms; details in [Table SI.B-6](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf)). For CFA, irbesartan, metoprolol, PROP, SIT, and SOT, missing DT50s were imputed ([section SI.K.a](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf)). The linear and quadratic coefficients of both variables were calculated, and two-tailed *t* tests were used to determine if the RSM fitted coefficients were statistically different from zero. The significance of the linear and quadratic terms was assessed with an ANOVA. An *F* test, adjusted, R2 and lack of fit were used to assess the suitability of the model.

2.4. Bacterial Analysis {#sec2.4}
-----------------------

DNA was extracted from the sediment samples and used to quantify the bacterial community with real-time quantitative PCR of 16S rRNA genes. 16s rRNA gene amplicons were sequenced via the Illumina Miseq amplicon sequencing platform and bacterial community diversity and composition dynamics assessed on the basis of operational taxonomic units (OTUs) defined at 97% similarity. ANOVA was used to compare the α diversity indices between sediment dilution levels (S1, S3, S6, i.e. low, medium and high dilution, resulting in high, medium, and low diversity, respectively) and bedforms (B0, B3, B6), while the *DESeq2* function^[@ref42]^ in R^[@ref40]^ was used to identify potential degraders of test compounds. More details on the DNA extraction and downstream processing can be found in [section SI.G](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf).

3. Results and Discussion {#sec3}
=========================

3.1. Effect of Sediment Dilution and Bedforms on Bacterial Gene Copy Numbers and Diversity {#sec3.1}
------------------------------------------------------------------------------------------

Sediment samples collected after 12 days of preincubation reached approximately 1.2 × 10^6^ 16S rRNA gene copy numbers per gram sediment dry weight ([Table SI.G-10](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf)) with no significant differences observed across the sediment dilution levels or bedform numbers (ANOVA, *p* \> 0.05). This suggests regrowth of bacterial communities in the different diluted sediment treatments to similar cell densities. However, during the attenuation phase, significantly higher bacterial copy numbers were observed in S1 (low sediment dilution) in comparison to S3 (medium dilution) and S6 (high dilution) at day 56 (ANOVA, *p* ≤ 0.05). This may be attributable to the growth of rare slow-growing taxa in the original sediment bacterial community found in the S1 treatment but eliminated in the S3 and S6 treatments through the dilution to extinction approach. Since bacterial abundance was similar between treatments as indicated by qPCR ([Table SI.G-10](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf)) after the preincubation phase, any differences between treatments are attributed to differences in bacterial diversity rather than overall bacterial abundance for this period. The sediment dilution resulted in a significant decrease in species richness and diversity (Shannon) in S3 and S6 in comparison to S1 at days 0, 21, and 56 (ANOVA, *p* ≤ 0.05) and between S6 and S3 at day 56 ([Figure [1](#fig1){ref-type="fig"}](#fig1){ref-type="fig"}). Furthermore, a significant decrease in evenness was only observed in S3 and S6 in comparison to S1 at day 56 (ANOVA, *p* ≤ 0.05, [Figure [1](#fig1){ref-type="fig"}](#fig1){ref-type="fig"}). These results indicated that the dilution to extinction method created a gradient in the bacterial α diversity. The bedform elements did not significantly affect any of the diversity indices measured at any of the sampling time points (ANOVA, *p* \> 0.05, [Figure [1](#fig1){ref-type="fig"}](#fig1){ref-type="fig"}). This was unexpected, since an increased number of bedforms was postulated to promote HEF that is associated with increased oxygen and nutrient supply,^[@ref43]^ hence promoting higher bacterial community diversity.

![Box plots of α diversity indices based on 16S rRNA gene sequence analysis as a function of sediment dilution and bedform number. S1, S3, and S6 correspond to sediment:sand dilutions of 1:10, 1:10^3^, and 1:10^6^, respectively; B6, B3, and B0 correspond to 6, 3, and 0 bedforms, respectively. Samples were collected before fortification (day 0) and at days 21 and 56 of the attenuation phase. The diversity indices, species richness, and Shannon diversity as a function of sediment dilution were significantly different between the least dilute sediment and the subsequent dilutions at all sampling time points, while evenness was only significantly different between the least diluted sediment and the subsequent dilutions at day 56 (*p* ≤ 0.05). Diversity indices among treatments as a function of the bedform number were similar (*p* \> 0.05).](es9b06928_0001){#fig1}

3.2. Bacterial Community Structure and Taxa Associated with Test Compound Biotransformation {#sec3.2}
-------------------------------------------------------------------------------------------

We detected 17 known phyla in S1 (low sediment dilution) in comparison to 13 known phyla in the S3 (medium dilution) and S6 (high dilution) dilution levels ([Figure SI.G-5](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf)). This shows that the dilution to extinction approach successfully removed some of the rare occurring phyla such as Saccharibacteria, Latescibacteria and Nitrospirae detected in the S1 sediment bacterial community. Within the remaining phyla, specific genera impacted by the presence of test compounds were identified on the basis of a significant change in abundance relative to unamended controls using the *DESeq2* function ([Table SI.G-12](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf)). Genera associated with the collective biotransformation of the test compounds were considered enriched in the case of log~2~ fold change \>0 in comparison to unamended samples. Such enrichment suggests that they might include both some pollutant-degrading species along with pollutant-insensitive species. Some of the enriched genera detected in the present study and previously associated with degradation of organic contaminants in diverse environments included operational taxonomic units affiliated with Holophagae and subgroups 6, 17, and 22 in the phylum Acidobacteria, which were associated with polychlorinated biphenyl^[@ref44]^ and petroleum compound degradation.^[@ref45]^ Within the phylum Actinobacteria, genera such as *Nocardioides*, harbor known ibuprofen degraders,^[@ref46]^ while *Illumatobacter* is among genera enriched in the presence of organic pollutants such as anilines and phenols, polycyclic aromatic hydrocarbons, and organochlorine pesticides.^[@ref47]^ Genera of the phylum Bacteroidetes such as *Terrimonas* and *Flavobacterium* that include benzo\[*a*\]pyrene-^[@ref48]^ and ibuprofen-degrading species were also enriched.^[@ref49]^ The dominant phylum Proteobacteria was represented by several genera, including *Sphingomonas*, *Sphingobium*, and *Novosphingobium* in the family Sphingomonadaceae that is widely characterized as a family with many prolific aerobic degraders of a wide variety of aromatic compounds^[@ref50]^ as well as Comamonadaceae, also aerobic degraders of aromatic compounds.^[@ref51]^ Within the families Xanthomonadaceae and Pseudomonadaceae the genera *Arenimonas* and *Pseudomonas* were enriched in response to the 31 test compounds. These genera have previously been linked to biodegradation of polyaromatic compounds such as naphthalene.^[@ref50]^ The enriched *Mesorhizobium* is closely related to the metformin degrader *Aminobacter*.^[@ref52]^ These genera belong to the family Phyllobacteriaceae, whose other members are known for degradation of micropollutants such as dichlorobenzamide.^[@ref53]^ Most other enriched operational taxonomic units are affiliated with yet to be classified genera and families, which suggests a wide array of taxa potentially involved in the degradation of organic contaminants in hyporheic sediments and highlights the hyporheic zone as a reservoir of hitherto undetected microbial diversity. In contrast, some genera exhibited log~2~ fold change \<0 in the presence of test compounds relative to unamended controls ([Table SI.G-12](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf)), indicating a decrease in their abundance likely due to the potential negative effect of the test compounds. Previous studies^[@ref47],[@ref54]^ have reported such effects of micropollutants on a certain fraction of the indigenous environmental microbiota.

3.3. Dissipation Half-Lives of Organic Contaminants {#sec3.3}
---------------------------------------------------

Median DT50s of the 31 test compounds ranged from 0.5 (fluoxetine) to 306 days (carbamazepine) ([Figure [2](#fig2){ref-type="fig"}](#fig2){ref-type="fig"} and [sections SI.H--SI.J](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf)). The most persistent compounds (median DT50s \>20 days across all flumes) were carbamazepine (306 days), clofibric acid (223 days), gemfibrozil (67 days), metaxalone (43 days), benzotriazole (39 days), hydrochlorothiazide (30 days), celiprolol (29 days), and naproxen (26 days). In contrast, diclofenac, furosemide, paracetamol, and sulfamethoxazole dissipated in less than 1 day in the majority of the flumes. For these short-lived substances, DT50s and consequently RSMs could not be determined, and instead DT50s of 0.5 day were assumed. Parent compounds with very short DT50s and RSMs were fluoxetine (0.5 days), sitagliptin (1.0 day), and citalopram (1.3 days). Among the spiked substances were five beta-blockers (atenolol, celiprolol, metoprolol, propranolol, and sotalol), four of which had similar DT50s (2.0--3.2 days), while the DT50 for celiprolol was 1 order of magnitude higher (29 days). Celiprolol features a disubstituted urea moiety that might be less prone to biological hydrolysis than, for example, the amide or ether side chain in atenolol or metoprolol, respectively. We attribute the observed dissipation mainly to biodegradation, while photolysis and sorption were likely to play a minor role ([section SI.B.a](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf)) in the present setup for most compounds (exceptions: irbesartan, some cationic compounds). Due to its low carbon content and the low fraction of fine minerals, the sediment generally was a poor sorbent and the tent covering the flumes prevented direct solar radiation^[@ref31]^ ([section SI.B.a](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf)). However, cationic exchange at anionic surfaces in the sediment may play a role for cationic compounds such as metoprolol.^[@ref55]^ For some compounds (especially those with high log *K*~ow~) sorption may have had an effect due to the presence of biofilms. Nevertheless, since overall bacterial abundances were similar between the diversity levels, potential sorption should have a similar effect on all levels and not affect the model results.

![Dissipation half-lives (DT50s) of 31 test (parent) compounds in water-sediment test flumes across different levels of bacterial diversity (as a function of sediment dilution S1 1:10, S3 1:10^3^, S6 1:10^6^) and bedform numbers (B6, *n* = 6; B3, *n* = 3; B0, *n* = 0) displayed as box plots (outliers not shown). Previously published CBZ and ACS data are included here for comparison.^[@ref31]^ The response of DT50s toward these variables was evaluated with a response surface model (RSM, examples are shown in the right margin of the figure). Significant linear sediment dilution variable (*S*), linear bedform variable (*B*), quadratic sediment dilution variable (*S*^2^), and/or interactive (*S*·*B*) terms in the RSM are indicated right next to the substances. Compounds with insignificant RSM parameters are marked as "*RSM with insignificant terms*" (e.g., VEN) or "*no RSM*" if DT50s were too small to fit the RSM (e.g., SMX).](es9b06928_0002){#fig2}

3.4. Response Surface Model to Evaluate the Dissipation of Organic Contaminants {#sec3.4}
-------------------------------------------------------------------------------

Overall, RSMs were fit to the DT50s of 27 compounds ([section SI.K.b](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf)). For DIC, FUR, PAR, and SMX, DT50s could not be obtained for the majority of flumes (see above), and consequently the RSM could not be applied. On the basis of the RSM, sediment dilution and bedform variable explained ∼70% of DT50 variance (derived from adjusted R2s, [Table SI.K-17](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf)). The best RSM fits were obtained for metformin (96%), IBU (95%), and KET (93%) and the lowest for VEN (5%), irbesartan (10%), and flecainide (17%). For the last three compounds, RSM coefficients (β~*x*~) (cf. [section [2.1](#sec2.1){ref-type="other"}](#sec2.1){ref-type="other"}) were not significantly different from zero (two-sided *t* test, *p* \> 0.05). The remaining 24 compounds featured significant (*p* ≤ 0.05) coefficients of the sediment dilution variable (*S*): linear (*n* = 12), quadratic (*n* = 3), or both (*n* = 9) ([Figure [2](#fig2){ref-type="fig"}](#fig2){ref-type="fig"}). For ACE, SIT, and MTX, the linear bedform variable (*B*) was also signficant for attenuation, and in the case of ACS and IBU, a significant linear interaction of *S* and *B* (*S*·*B*) was observed. Except for CFA, all first order (*S*, *B*), second order (*S*^2^, *B*^2^) and/or interaction (*S*·*B*) term(s) were significant (ANOVA; *p* ≤ 0.05). A lack of fit of the RSM was only observed for ACS.^[@ref31]^ On the basis of the RSM, the test compounds were classified as (1) no response to *S* and *B* (*n* = 3), (2) response to *S* or *S*^2^ and *B* or *S*·*B* (*n* = 4), or (3) response to *S* or *S*^2^ (*n* = 20) ([Table SI.K-18](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf)). The low correlation between DT50s and the bedform variable is unsurprising. Theoretical HEFs under the initial setup conditions provided by a numerical model were similar for three and six bedforms (11 and 13.6 L day^--1^) but close to zero (0.4 L day^--1^) in the absence of bedforms.^[@ref34]^ Because 20 of 27 substances responded only to the sediment variable (i.e., *S* or *S*^2^), TP discussions in the following sections are only likely to reflect the effects of diversity and will not differentiate between bedform numbers.

3.5. Association between Bacterial Diversity and DT50s {#sec3.5}
------------------------------------------------------

Species richness, Shannon diversity, and evenness as a function of sediment dilution ([Figure [1](#fig1){ref-type="fig"}](#fig1){ref-type="fig"}) significantly correlated with 21, 22 and 9 out of the 31 biotransformed compounds, respectively, in comparison to 3, 6, and 6 as a function of the bedform number ([Table SI.G-11](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf), Spearman, *p* ≤ 0.05). These findings suggest that bacterial communities with higher species richness and diversity are more efficient at transforming a larger number of individual test compounds. Our findings further extend previously reported correlations between bacterial diversity and organic compound biodegradation.^[@ref31],[@ref32],[@ref56]^

3.6. Transformation Product Dynamics at Different Levels of Bacterial Diversity and Hyporheic Exchange Flow {#sec3.6}
-----------------------------------------------------------------------------------------------------------

In total, we determined 32 TPs in at least one pore water or surface water sample using targeted methods (confidence level 1) and an additional 24 suspected TPs (confidence level 3--4) in surface water via a suspect screening workflow described in [section SI.C](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf). For six parent compounds (ACS, FLEC, GEM, NPX, PAR, and SIT) no TPs were included in our target list and suspects were not found. Exclusively target TPs were detected for BNZ, CBZ, CIT, DIC, hydrochlorothiazide, IBU, SMX, SUL, valsartan, and VEN, while only suspect TPs were found for BENP, CEL, CFA, FUR, KET, MTX, PROP, and SOT. Substances to which we could associate both suspect and target TPs were AMI, atenolol, BEZ, FLX, irbesartan, metformin, and metoprolol. Only 5 out of the 32 TPs on our target list could not be quantified in any sample: TP.BEZ4H, TP.CAO, TP.DICHA, TP.IBUC, and TP.MEH. Out of these, the nondetection of α-hydroxymetoprolol (TP.MEH) was the least expected, since it was previously found together with metoprolol acid (MEA) in, for example, pore and surface water of the River Erpe, sometimes at higher concentrations than those for metoprolol acid.^[@ref17],[@ref33]^ Three TPs were exclusively detected in pore water (TP.CAI, TP.DAM, and TP.IBU1H), whereas two were specific for surface water (TP.BEZ1H and TP.BZCPA), but all were infrequently detected (\<7%; [Figure [3](#fig3){ref-type="fig"}](#fig3){ref-type="fig"}).

![Heat map showing a two-way cluster analysis, using Euclidean distance measures with respect to detection rates (expressed as percent of all analyzed samples within the respective class with concentrations above the limit of quantification; fields were color coded with yellow denoting high detection rates and blue denoting low detection rates) of target transformation products (TPs) ([Table SI.A-2](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf)). Hierarchical clusters were generated for TPs and average detection rates of the six sample classes (pore water (PW) or surface water (SW) for each of the three diversity levels as a function of sediment dilution: S1 (low dilution, high diversity), S3 (medium dilution/diversity), and S6 (high dilution, low diversity)). Observed TP concentration dynamics in surface water and pore water across the different bacterial diversities (*S*) are depicted as arrows: upward (↑), downward (↓), stable (→) concentration trends. Groups of arrows indicate cases in which changing trends were observed during the experiment. Dashes indicate cases where no clear trend was observed. Red circles indicate TPs that were identified as persistent in at least one of the classes. Five TPs were not detected in any sample and are therefore not shown: 4-hydroxy-1*H*-benzotriazole, acridone, diclofenac amide, carboxyibuprofen, α-hydroxymetoprolol.](es9b06928_0003){#fig3}

Among all target TPs, valsartan acid (TP.VAA 20.1 μg L^--1^ pore water, 16.4 μg L^--1^ surface water) and metoprolol acid (15.3 μg L surface water, 14.9 μg L^--1^ pore water) occurred at the highest concentrations. The most abundant TP that formed exclusively from a single parent compound (metformin) was guanylurea (TP.GU) with 9 μg L^--1^ in surface water and 7.1 μg L^--1^ in pore water. Several BNZ TPs occurred in high abundance (1.1--5.6 μg L^--1^), including 1-hydroxybenzotriazole (TP.BEZ1H), 1-methylbenzotriazole (TP.BEZM), and 4-/5-methylbenzotriazole (TP.BEZ5M) but were at the same time almost exclusively formed in S1 treatments (low dilution, high diversity) and therefore overall not very frequently detected. To our knowledge, TP.BEZ5M has not been described as a TP of BNZ before, but the methylation at the benzene ring was reported as a possible biotransformation reaction of BNZ (more details in [section SI.M.f](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf)).^[@ref57]^ There is a lack of literature on the occurrence and environmental relevance of benzotriazoles, but our data suggest that these substances and especially their TPs warrant further investigation.

Seven TPs were detected in more than 50% of all analyzed samples: *N*-desmethylvenlafaxine (TP.VND, 77%), 4-amino-6-chloro-1--3-benzenedisulfonamide (TP.ABS, 75%), metoprolol acid (metoprolol acid, 68%), chlorothiazide (TP.CTZ, 66%), valsartan acid (62%), carbamazepine-10,11-epoxide (TP.CEPX, 56%), and venlafaxine *N*-oxide (TP.VNO, 54%). In total, 21 of the detected TPs (11 confidence level 1, 12 confidence level 3--4) displayed increasing or constant concentrations in surface water in at least one of the three diversity groups throughout the experiment (i.e., no signs of degradation) and were therefore considered potentially persistent ([Figure [3](#fig3){ref-type="fig"}](#fig3){ref-type="fig"}). Eleven target TPs showed the latter behavior in pore water and seven of those were accumulating or constant in both pore water and surface water (TP.ABS, TP.AMINO, TP.CDH, TP.CEPX, TP.CTZ TP.SMXA, and TP.VND). In these counts we included TPs with increasing trends leveling off toward the end of the experiment, which can be due to depletion of the parent molecules (e.g., TP.CEPX).

In several cases, increasing TP concentrations were observed in dilution levels S3 and/or S6 only (medium and low diversity), while higher bacterial diversity in S1 treatments seemed to enable their degradation (e.g., TP.AMINO). Remarkably, TP.VND was the only TP with increasing or constant concentrations across all diversity levels in both pore water and surface water throughout the experiment, despite the low DT50 of its parent compound (VEN). Accordingly, ∼80% of VEN was removed from the water phase in all flumes as early as day 21. Since TP.VND was also the most frequently detected TP along with another abundant VEN TP (TP.VNO), we consider both as environmentally relevant. Similarly, in batch studies with activated sludge TP.VND increased over time, whereas the other venlafaxine TPs remained constant or decreased.^[@ref58]^ This observation is supported by the frequent occurrence of TP.VND in marine mussels^[@ref59]^ and the formation of TP.VNO as a major ozonation product of VEN.^[@ref60]^ We speculate that the occurrence of VEN metabolites may increase in surface waters with increasing implementation of wastewater ozonation.

A two-way cluster analysis using Euclidean distance measures was performed with respect to detection rates of target TPs, and hierarchical clusters were generated for sample type (pore water or surface water) and compounds ([Figure [3](#fig3){ref-type="fig"}](#fig3){ref-type="fig"}). Pore and surface water of S1 treatments clustered together, while in S3 and S6 systems, the compartment (pore water, surface water) was more defining for the TP composition than the diversity level. Two main clusters were observed: one comprising 17 TPs that were primarily detected in both pore and surface water of the S1 flumes and a second smaller group of 15 TPs dominating in surface water of S levels 3 and 6. While the occurrence of group one TPs was largely limited to S1 flumes, TPs from the second group were also found in other S levels and pore water. Higher detection rates, concentrations, and longevity of TPs in S6 flumes can be explained with transformation pathways requiring several types of bacteria. A less diverse microbial community has a lower probability to host elements of such pathways, leading to enrichment of certain intermediates. TPs were least often detected in pore water of the high-diversity systems (S1), where we expect the most diverse bacterial communities and well-functioning transformation sequences. Thus, such data demonstrate the importance of microbial diversity and by extension a diverse gene pool translating into a high genetic potential and finally organic contaminant degradation potential in hyporheic zones.

### 3.6.1. Bacterial Diversity Drives Formation--Attenuation Dynamics of Metoprolol Acid {#sec3.6.1}

Atenolol and metoprolol are structurally similar beta-blockers that underwent complete attenuation (≥99% across all flumes) in ≤42 days (atenolol) and ≤28 days (metoprolol) ([sections SI.H--SI.J](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf)). TP dynamics are summarized in [Figure [3](#fig3){ref-type="fig"}](#fig3){ref-type="fig"} and [Table SI.M-22](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf), whereas time trends of atenolol, metoprolol, and respective TPs are shown in [section SI.M.e](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf). A common and major TP is atenolol/metoprolol acid ([Figure [4](#fig4){ref-type="fig"}](#fig4){ref-type="fig"}), which is formed from atenolol by (microbial) enzymatic hydrolysis,^[@ref61]^ from metoprolol through CYP450-mediated dealkylation during aerobic microbial biotransformation,^[@ref58]^ and in human metabolism.^[@ref58],[@ref62]^ Moreover, metoprolol acid has been reported to form from metoprolol in microalgae (*Haematococcus pluvialis*,^[@ref63]^*Chlamydomonas reinhardtii*^[@ref64]^), from atenolol in the cyanobacterium *Synechococcus* sp.,^[@ref64]^ from metoprolol by fungal treatment,^[@ref65]^ and by abiotic hydrolysis.^[@ref66]^ Since microalgae are a major component of biofilms, and biofilm growth was observed in the majority of the flumes, biotransformation of atenolol/metoprolol in microalgae cannot be ruled out. In S6 and S3 flumes (low and medium diversity), metoprolol acid was more frequently detected and was at higher concentrations than in S1 flumes (low dilution, high diversity). This can be explained by the dissipation of metoprolol acid, which was faster with increasing bacterial diversity. Consequently, at the highest bacterial diversity (S1), metoprolol acid was only observed in traces and mostly during the first few days after fortification. In these treatments, it is likely that attenuation proceeded so fast that the sampling resolution was not sufficient to capture formation--attenuation dynamics. The biodegradability of metoprolol acid observed here is consistent with prior biodegradation studies,^[@ref11],[@ref58],[@ref63],[@ref65]^ some of which also reported metoprolol acid TPs^[@ref63],[@ref65]^ which were observed in surface water from the present study. The absence or fast dissipation of metoprolol acid in S1 flumes coincided with intense signals of MEA.sTP225a and MEA.sTP225b ([Figure [4](#fig4){ref-type="fig"}](#fig4){ref-type="fig"} and [Section SI.M.e](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf)) at day 1, which subsequently decreased until day 7. In S3 flumes, MEA.sTP225a dynamics followed the trend of metoprolol acid (increase--decrease). In S1 flumes, the signal decrease of MEA.sTP225a and -226b was accompanied by a short pulse of MEA.sTP239 (increase from day 1 to day 3, decrease until day 14). In S3 and S6 flumes, the trend of MEA.sTP239 was similar to that of metoprolol acid (increase--decrease). The oxidation product MEA.sTP237 increased in all S1 flumes until day 28 and was then stable or only slowly decreased. MEA.TP253 did not show a clear pattern among the S1 flumes but peaked shortly after the drop of the metoprolol acid in S6 flumes. In summary, one TP was observed for atenolol, two TPs (plus 2 sTPs) were observed for metoprolol, and five sTPs were observed for metoprolol acid ([Figure [4](#fig4){ref-type="fig"}](#fig4){ref-type="fig"}).

![Proposed formation pathways for target transformation products (TP, solid lines) and tentatively identified (confidence level 3) suspect TPs (sTPs, dashed lines) of atenolol (ATE)/metoprolol (METP), hydrochlorothiazide (HCTZ, see [section SI.M.g](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf) for a discussion), irbesartan (IRB)/valsartan (VAL), and metformin (METF). Metoprolol acid (MEA) pathways were adapted from ref ([@ref65]). All compounds are depicted in their neutral form despite potential speciation at flume pH. Abbreviations: TP.VAA = valsartan acid, TP.GU = guanylurea. Please note that confidence level 3 of identification might allow multiple structural isomers and the displayed structures only display one possible but very likely isomer retrieved from the literature and/or predicted in silico (details in [Table SI.M-22](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf)).](es9b06928_0004){#fig4}

### 3.6.2. Further Evidence for the Formation of Valsartan Acid from Irbesartan {#sec3.6.2}

Irbesartan (log *D*~ow~ 4.0) and valsartan (log *D*~ow~ 0.3) are structurally similar antihypertensive drugs that differ in polarity and dissipated by \>96% across all flumes. In the RSM, only the linear *S* term was significant for valsartan, explaining 77% of the DT50 variability: i.e., the attenuation of valsartan was mainly driven by bacterial diversity and DT50s were decreasing with increasing sediment dilution. In contrast, a strong initial concentration drop was observed for irbesartan, likely due to sorption, which impeded DT50 calculations and had a strong effect on the RSM fit (adjusted R2 of 0.095). Consequently, neither the *S* nor the *B* term could explain the DT50 variability for irbesartan. Median DT50s of both substances were similar (irbesartan, 7.3 days; valsartan, 7.6 days), although attenuation of irbesartan continued throughout the experiment. In all flumes, dissipation of valsartan and irbesartan was accompanied by formation of valsartan acid. Interestingly, valsartan acid concentrations steadily increased over 56 days ([section SI.N](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf)) in surface and pore water, with an intermittent concentration drop at day 42 in S1 and S3 flumes (high and medium diversity). This drop was likely caused by the depletion of valsartan in all flumes before day 20 and a switch to formation from irbesartan, leading to increasing valsartan acid concentrations until day 56. The unique shape of the irbesartan RSM 3D plot ([section SI.K.b](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf)) might be an outcome of this competition. The differences in attenuation between valsartan and irbesartan were less pronounced in S6 flumes (low diversity) and here we do not see the valsartan acid concentration drop at day 42 in surface water, which supports the hypothesis that both valsartan and irbesartan contribute to valsartan acid formation. Further evidence is the mass balance of valsartan acid, which shows higher molar concentrations of valsartan acid than can be formed from valsartan alone (valsartan acid measured average 4.44 × 10^--8^ M vs theoretically spiked concentration of valsartan 2.30 × 10^--8^ M + irbesartan 2.33 × 10^--8^ = 4.63 × 10^--8^ M). Valsartan acid levels dropped in the surface water of all flumes between day 56 and 78 by ∼50% (constant only in S1 pore water). Eventually, valsartan acid is further transformed, which is only observed after both parent compounds have been consumed and no more valsartan acid is delivered. Formation of valsartan acid from valsartan and irbesartan has also been described for a laboratory-scale WWTP, where turnover into valsartan acid accounted for 3.9 and 1 mol %, respectively.^[@ref67]^ Transformation of valsartan into valsartan acid starts with oxidative dealkylation at the tertiary amide group, which is followed by hydrolysis and oxidative deamination.^[@ref58],[@ref68]^ A pathway for the transformation of irbesartan into valsartan acid has not yet been proposed. According to the Eawag-Biocatalysis/Biodegradation Database Pathway Prediction System ([section SI.C](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf)), irbesartan undergoes oxidative dealkylation (rule bt0243) into amide and aldehyde (valsartan acid precursor), followed by oxidation (rule bt003) of the aldehyde into valsartan acid ([Figure [4](#fig4){ref-type="fig"}](#fig4){ref-type="fig"}). Although the transformation of valsartan involves three steps in comparison to only two steps in irbesartan, the noncyclic amide structure of valsartan might be more enzymatically accessible and preferably biotransformed. Irbesartan may also be less bioavailable. In earlier field studies in the River Erpe, increased levels of valsartan acid were observed in hyporheic pore water relative to surface water under downwelling conditions,^[@ref13],[@ref14]^ confirming the relevance of this TP in the environment.

### 3.6.3. Transformation Products of Metformin: Guanylurea and the Novel TP Biuret {#sec3.6.3}

We observed significant linear and quadratic effects of diversity on metformin attenuation ([Figure [2](#fig2){ref-type="fig"}](#fig2){ref-type="fig"} and [section SI.K](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf)), while HEF had no significant effect. Depletion of metformin was driven by biotransformation, as shown by the formation and abundance of its main transformation product guanylurea, confirming previous studies.^[@ref52]^ Biuret (sTP103, [sections SI.A, SI.M, and SI.N](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf)) was identified as a suspect TP with the highest intensities in S1 flumes (low dilution, high diversity) with B0 and B6. A biuret standard was acquired, and the suspected TP was successfully confirmed (confidence level 1) (see [section SI.O](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf)). Guanylurea is formed by dealkylation and oxidative deamination of metformin at one of the two guanide groups,^[@ref69]^ yielding a carbonyl group. Biuret in turn might result from oxidative deamination of guanylurea, introducing a second carbonyl group ([Figure [4](#fig4){ref-type="fig"}](#fig4){ref-type="fig"}), which is a biologically occurring process that might even involve the same enzyme facilitating part of the transformation from metformin to guanylurea.^[@ref70]^ To our knowledge, this compound has not been previously reported as a TP of metformin. Transformation of metformin to guanylurea occurs primarily within WWTPs.^[@ref71]^ Our prior work in the River Erpe reported a discharge ratio of ∼1:40 metformin:guanylurea from the local WWTP^[@ref17]^ with little attenuation observed for either compound.^[@ref33]^ However, the present data set suggests that the resident microbial community in Erpe sediments is capable of breaking down metformin and guanylurea, as both were fully attenuated under all types of flume conditions ([section SI.N](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf)). According to the literature, this attenuation cannot be attributed to direct photolysis.^[@ref69]^ A maximum concentration of 9 μg L^--1^ of guanylurea was measured in surface water of flume 5 (S3 B0, medium diversity) after 21 days ([Table SI.M-20](http://pubs.acs.org/doi/suppl/10.1021/acs.est.9b06928/suppl_file/es9b06928_si_001.pdf)). Here we can assume complete transformation from metformin (guanylurea 8.8 × 10^--8^ M in comparison to the nominally spiked metformin 7.7 × 10^--8^ M). Interestingly, guanylurea was also found at substantially higher average concentrations in surface and pore water of S3 flumes (1.1 and 1.2 μg L^--1^) in comparison to those with S1 (0.06 and 0.08 μg L^--1^) and S6 (low) diversity (0.1 and 0.2 μg L^--1^). In batch experiments, it was repeatedly observed that metformin transformation is highly variable and may be strongly dependent on the exact composition of bacterial communities,^[@ref69]^ which would explain our observation. The genus *Mesorhizobium*, which has been previously identified as degraders of metformin,^[@ref52]^ exhibited a negative log~2~ fold change (−1.6) in S1 treatments but a positive log~2~ fold change (3.5) in S6 flumes relative to unamended controls. A direct comparison of diversity levels revealed significantly higher abundance of *Mesorhizobium* in S3 and S6 relative to S1 but only insignificant differences between S3 and S6 (log~2~ fold change: S1 vs S3 = 1.6; S1 vs S6 = 1.8; *p* \< 0.01), which does not match the observed degradation dynamics of metformin and guanylurea, and thus there must be other bacterial strains involved. Averaged guanylurea concentrations were lower in B6 flumes in comparison to B3 and B0 at most time points. Guanylurea has been shown to be degraded in hyporheic sediments,^[@ref2]^ but increased sorption of the cationic species at flume pH (low log *D*~ow~ of −3.4) and better contact with binding sites in high HEF flumes^[@ref72]^ might also be an explanation. This is supported by the fact that retardation of both metformin and guanylurea has been observed in situ in the river Erpe sediment.^[@ref2]^

4. Environmental Implications {#sec4}
=============================

While bacterial diversity influenced the biotransformation of 20 substances, only acesulfame, ibuprofen, sitagliptin, and metaxalone were significantly influenced by HEF. This may imply that the last four substances are particularly sensitive to biodegradation in hyporheic zones. Interestingly, ibuprofen and metaxalone degraded to a lesser extent with increasing number of bedforms, which contrasts the hypothesis that hyporheic exchange generally increases degradation potential. A common characteristic of acesulfame, ibuprofen, and sitagliptin is that they have all been previously reported to undergo redox reactions.^[@ref7],[@ref73],[@ref74]^ Little information about the environmental fate of metaxalone is available. Hence, the bedforms might have provided a particular redox environment that favored or diminished transformation reactions of those aforementioned compounds. However, the fact that degradation of other redox-sensitive compounds, such as the beta-blockers metoprolol, atenolol, and sotalol,^[@ref75]^ was not significantly influenced by the number of bedforms highlights the complexity of compound-specific reactions. As discussed previously for acesulfame,^[@ref31]^ the absence of a visible effect of HEF may also be caused by the pronounced effect of the diversity treatment, which ultimately masks the influence of HEF. Some compounds show differences among bedform treatments within the lowest diversity, but this effect is not significant in the overall model because the differences vanish in the higher diversity treatments (e.g., METP, ATE, BEZ, GEM, VAL). Alternatively, differences in HEF levels were not sufficient to observe a significant effect on DT50s in the RSMs of the other 20 substances. Although a numerical model^[@ref34]^ shows that the bedform treatments differ in HEF, these differences were diminished by the effects of bedforms on the flow velocities of the overlying water. In future studies, larger differences in HEF would likely result in more distinct dramatic effects of HEF on more compounds. This might be achieved by a numerical model that predicts the highest possible HEF variation for an experimental setup. Still, even if the differences are increased, HEF alone will likely not be a perfect predictor of degradation, as hyporheic travel time distributions and associated redox zonation as well as variations in microbial communities along flow paths will differ with HEF and therefore should always be taken into account. The number, type, and quantity of formed target and suspect TPs align well with our interpretation of parent compound DT50s. TP.VND was not only the most frequently detected target TP but also the only compound which persisted across all treatment groups and compartments. Taxa enriched in the presence of organic contaminants relative to unamended controls included uncultured Acidobacteria, Sphingomonadaceae, Pseudomonadaceae, Nocardioides spp., Illumatobacter spp., and many uncultured/unclassified taxa, suggesting a potential contribution of such taxa to biotransformation processes in the hyporheic zone. Collectively, these data demonstrate the importance of bacterial diversity and HEF on the biotransformation of organic contaminants and highlight hyporheic zones as reservoirs of new microbial diversity. Since both bacteria and eukaryotes may play a role in contaminant biodegradation, we suggest to include both in taxonomic analysis (18 sRNA). In addition, analysis of the metatranscriptome (expressed metabolic genes) may help explain concentration dynamics, as it indicates not only the abundance but also the activity of species. Restoration measures designed to increase HEF tend to increase the reactivity of organic contaminants on the reach scale and the efficiency of rivers toward contaminant removal.^[@ref3]^ On the basis of our findings, we further conclude that restoration measures promoting microbial diversity which might require novel concepts, protection measures, and change of land use within the reach^[@ref68]^ will further stimulate the in-stream removal capacity of rivers.
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